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Abstract of a thesis submitted in partial fulfilment of the 
requirements for the Degree of M.Sc. 
 
Invasion success and impacts of Hieracium lepidulum 
 in a New Zealand tussock grassland and montane forest 
by 
 R. Meffin 
Invasive species represent a major concern; they can result in serious ecological and 
economic losses and are recognised as one of the most serious threats to global species 
diversity. Plant invasions are of particular concern in New Zealand, which has high 
proportions of both naturalised and endemic plant species.  
 
In this thesis I focussed on the invasive plant Hieracium lepidulum, an exotic weed 
introduced from Europe to New Zealand prior to 1941.  It is invasive in a variety of 
habitats in the South Island, where it has steadily increased in distribution and abundance 
over the last 50 years, and is thought to have detrimental impacts on native plant 
communities. I investigated factors influencing its invasion success and tested for impacts 
on native plant communities, making extensive use of existing plots into which H. 
lepidulum was experimentally introduced in 2003. 
 
I examined how community richness, turnover, resource availability and propagule 
pressure of the invader interacted to determine the invasion success of H. lepidulum. 
Results differed markedly above and below treeline. Above treeline, plots with higher 
richness and turnover were more invaded; below treeline, plots with higher available light 
were more invaded. In both habitats, these findings were modified by the influence of 
propagule pressure; at low propagule pressure, site characteristics were non-significant in 
explaining invasion success, while at higher propagule pressure these effects became 
significant.  
To test for impacts resulting in altered community composition and structure, I looked for 
changes in community richness, diversity and evenness subsequent to H. lepidulum 
introduction. As impacts may be more apparent at fine spatial scales, I made measurements 
at a 5 x 5 cm cell scale in addition to the established 30 x 30 cm plot scale. Plot species 
richness increased from 2003 to 2009 and a component of this increase was associated 
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with H. lepidulum density. Other relationships between the plant community and H. 
lepidulum were generally non-significant. Results showed that H. lepidulum has had no 
negative effects on community richness, evenness or diversity.  
 
Despite being able to opportunistically colonise grassland sites with high turnover, and 
forest sites subject to canopy disturbance, dependant on propagule pressure, it appears H. 
lepidulum has not impacted community composition or structure. 
 
Keywords: diversity, Hieracium lepidulum, exotic weeds, hierarchical data, biological 
invasions, invasive species, mixed model, invasibility, turnover, carousel model, propagule 
pressure,  invasion resistance, resource fluctuation, impact. 
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Chapter 1: Introduction 
1. Overview 
Invasive species represent a major concern; they can result in serious ecological and 
economic losses (1995; Pimentel et al. 2000; Levine et al. 2003; Dukes and Mooney 2004) 
and are recognised as one of the most serious threats to species diversity, second only to 
habitat destruction (Diamond 1989; Burhenne-Guilmin et al. 1994; Walker and Steffen 
1997; Williamson 1999). Examples of the impacts of invasive plants are well documented; 
they can considerably alter the composition and structure of native communities, causing 
declines in abundance and local extinctions of native plant species (e.g. Pysek and Pysek 
1995; Vila et al. 2006; Hejda et al. 2009) and modify ecosystem structure and function 
(e.g. Vitousek and Walker 1989; D'Antonio and Vitousek 1992; Ogle et al. 2003). Weed 
invasions are of particular concern in New Zealand, which has 2,190 naturalised exotic 
plant species, of which 325 are recognized as invasive weeds by the Department of 
Conservation, compared with just 1,896 indigenous plant species (Timmins 2004), many 
of which are endemic. Understanding factors controlling the spatial distribution of these 
invasive species and how they may alter the communities they invade is crucial to 
management and conservation efforts, in addition to providing insights into the ecological 
processes at work. 
In this thesis I focus on the invasive herbaceous weed Hieracium lepidulum, widespread 
and considered to be of conservation concern in the South Island of New Zealand. The 
thesis consists primarily of two chapters presented as stand-alone scientific papers; chapter 
two looks at the spatial distribution of H. lepidulum, investigating factors influencing its 
invasion success, while chapter three looks at its subsequent effects, testing for detrimental 
impacts on native plant community structure and composition. Chapter one provides a 
concise review of current knowledge concerning the study species and invasion success 
and impacts of invasive plants in general, along with an outline of the methodological 
approach taken in the studies presented. Chapter four presents a summary and synthesis of 
the main results, and places them in the context of current research. 
 
The outcome of any particular invasion is thought to be determined by invader propensity 
to invade new habitats (invasiveness), the inherent susceptibility of a community to 
invasion (invasibility) and the size and frequency of introductions (propagule pressure); 
and is likely to be the result of the complex interplay among all of these (Lonsdale 1999). 
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Here I focus on one species, H. Lepidulum, taking its characteristics as given, and examine 
the effects of community invasibility and propagule pressure. Propagule pressure is 
thought to be a major driver of invasion success (Tilman 1997; Cassey et al. 2004; Von 
Holle and Simberloff 2005; Colautti et al. 2006) and I investigate how it interacts with 
factors influencing invasibility: community richness, turnover and resource availability. 
Community richness is used as a measure to test the diversity-resistance hypothesis, which 
suggests more diverse communities can monopolise resources more effectively and are 
inherently more stable, and thus have greater ‘biotic resistance’ to invasion (Elton 1958; 
MacArthur 1972; Kennedy et al. 2002). Turnover may provide opportunities for invaders 
to establish as sites become vacant in a shifting mosaic of species composition, as 
suggested in the ‘carousel model’ of turnover (VanderMaarel and Sykes 1993). The 
influence of resource availability is likely to be complex; the shape of the relationship is 
likely to depend on where on the resource gradient a site sits, and the relative 
competitiveness of the invader and community dominants at that position. Furthermore 
both richness and turnover may covary with resource availability. 
Factors determining invader impact on resident communities are not well understood, and 
it appears many invasive weeds may coexist as additional community members without 
significant impact (Stohlgren et al. 2006). Evidence suggests impacts may be scale 
dependant (Levine and D'Antonio 1999) and there is still much debate over the relative 
importance of traits of the alien invader and how these interact with a those of a given 
invaded community. There is a need for further studies across a representative of the range 
of alien plant life-forms, invaded native communities and spatial scales (Mack 1996; Byers 
et al. 2002; Mills et al. 2009). By quantifying the impacts of H. lepidulum in a variety of 
habitats in the study site at two spatial scales, I undertake one of the most thorough 
investigations of impact of an invader to date. 
2. Study species 
Hieracium lepidulum is a broad leaved, tap-rooted, rosette-forming perennial herb growing 
to a height of approximately 30-40 cm, and is apomictic, relying entirely on wind 
dispersed seed for establishment and spread. Flowering and seed dispersal occur from 
November to May, after which the leaves die back and the plant overwinters as a rhizome 
(Chapman et al. 2004; Miller 2006). It is an exotic weed introduced from Europe to New 
Zealand, where it was first recorded in 1941 (Miller 2006). It has become invasive in the 
South Island, where it has steadily increased in distribution and abundance over the last 50 
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years (Rose et al. 1995; Duncan et al. 1997; Wiser et al. 1998; Mark et al. 1999; Wiser and 
Allen 2000; Duncan et al. 2001).  
Studies of factors influencing H. lepidulum success have produced a variety of 
conclusions; propagule pressure, reduced competition due to disturbance, and competitive 
advantages at both high and low resource availabilities have all been cited as determining 
factors. Furthermore, many of these findings appear to be contradictory.  
One of the more comprehensive studies of factors influencing the invasion success of H. 
lepidulum, notable for tracking the invasion as it occurred,  is that of Wiser et al. (1998). 
This study investigated invasion into mountain beech forest (Nothofagus solandri var. 
Cliffortiodes) over 23 years. They found that initially, when propagule pressure was low, 
this limited dispersal and invasion success; but as the invasion progressed and propagule 
pressure increased, plots with more species and resources were more invaded - in 
contradiction to the expectations of the diversity resistance hypothesis. They speculated 
that diversity may actually promote invasion, suggesting potential dominance of one or 
more competitively superior species in low richness communities, and increased temporal 
and spatial heterogeneity in species rich communities as possible mechanisms. They also 
reported that disturbance in the form of canopy gaps, with an attendant increase in 
resources in the form of light, initially promoted invasion, but this effect weakened with 
time.  
In a pot study investigating the effects of resource availability and disturbance on the 
competitiveness of H. lepidulum relative to species co-occurring in the field, Radford et al. 
(2006) concluded that H. lepidulum was not a strong competitor in either high or low 
resource environments, and that reduced competition due to disturbance was likely to 
facilitate its success. In another study of invasion success, Radford et al. (2009) 
investigated the possibility that a high leaf area to total biomass ratio may provide H. 
lepidulum with a growth advantage over native species. Their findings showed this was the 
case in low resource environments, but that the advantage was diminished in high resource 
environments, contradicting the expectations of the resource enrichment hypothesis (Davis 
et al. 2000). They suggested that this growth advantage at low resource levels enabled H. 
lepidulum to successfully invade environments where native species were resource limited, 
although perhaps this advantage may not extend to sites with extremely low resource 
levels. 
Other studies have suggested invasion success may be due to high propagule pressure and 
an ability to colonise sheltered inter-tussock micro-sites (Rose and Frampton 1999; Rose et 
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al. 2004) in conjunction with competitive advantages which then allow H. lepidulum to 
displace native species and become dominant over time (Rose and Frampton 1999; Rose 
and Frampton 2007).  
At present it difficult to reconcile these varying findings, but they suggest there may be 
multiple mechanisms operating, and that these may differ between environments above 
and below treeline, with high and low resource availability, and between disturbed and 
undisturbed sites. 
It is believed that H. lepidulum may have significant negative impacts on native plant 
communities, although little work has been done to quantify any such effect. It is thought 
H. lepidulum may compete strongly with native species (Fan and Harris 1996; Moen and 
Meurk 2001; Weigelt et al. 2002; Winkler and Stocklin 2002; Lamoureaux et al. 2003) 
leading to declines in the species diversity of plant communities it has invaded (Scott et al. 
1990; Rose and Frampton 1999; Wiser and Allen 2000; Espie 2001; Rose et al. 2004; Rose 
and Frampton 2007).  
In contrast Wiser et al. (1998) found a positive correlation between H. lepidulum 
occurrence and community richness; this could be interpreted as suggesting that rather 
than negatively impacting native species, H. lepidulum actually promotes native richness. 
However, no data was collected quantifying the richness of these sites prior to invasion; as 
such the possibility that this result instead reflects preferential invasion of species rich sites 
cannot be discounted. 
As evidence is limited to observational, correlative studies it is difficult to determine 
whether observed relationships between the invader and native communities reflect 
impact, or preferential invasion of species poor or rich sites. The experimental approach 
described below provides the first explicit test of the effects of H. lepidulum invasion on 
community structure and composition, able to distinguish between invasibility and impact. 
3. Methodological approach 
3.1. Experimental introduction 
Many studies of both invasion success and impact have been limited by the correlative 
approach taken, comparing already invaded and uninvaded habitats (Levine et al. 2003). 
Tests of the diversity resistance hypothesis which take such an approach run the risk of 
attributing invasion to low species diversity, when this may in fact be the result of invasion 
and its subsequent impact. Studies of impact may be similarly confounded, attributing low 
diversity in invaded sites to impacts of the invader, when in fact they have been 
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preferentially invaded due their low diversity, as suggested in the diversity resistance 
hypothesis.  
One alternative for impact studies is to perform removal experiments (e.g. Ogle et al. 
2003; Stinson et al. 2007), in which the invasive plant in question is removed from 
experimental plots, and the effects of this removal examined. The act of removal itself, and 
the associated disturbance may obscure any invader effects (Diaz et al. 2003), particularly 
in communities not naturally subject to high levels of disturbance. 
An alternative is experimental sowing or introduction of an invasive species in a natural or 
semi-natural habitat. While some caution is warranted, appropriately applied introduction 
experiments have great potential to bypass the difficulties encountered by other 
methodologies. In this study I was able to utilise such an introduction experiment 
established in 2003 by Alice Miller (2006) as part of a study of the spatial distribution of 
H. lepidulum. These plots have subsequently been remeasured by a variety of individuals, 
including myself (in 2009), to maintain a long term data set. This provided me with long 
term, replicated data, tracking the dynamics of the community and invader from the time 
of introduction, and did not necessitate species removals and the associated disturbance. 
The layout and establishment of the plots, and measurements made prior to 2009 were thus 
the work of other researchers, but the studies presented in this thesis represent novel 
analyses and applications of the data set, to answer questions not previously addressed. 
3.2. Spatial scale 
In studies of invasibility, the relationship between native and exotic diversity is thought to 
be scale dependant (Shea and Chesson 2002; Davies et al. 2005). At fine scales (< 1 m2, in 
the range of plot sizes typically used in experimental studies) competitive effects are 
expected to result in a negative relationship between the two; at coarser scales (often used 
in observational  studies) competitive effects are less apparent, while both native and 
exotic diversity are likely to covary with resource availability, disturbance and spatial 
heterogeneity leading to a positive relationship (Drake et al. 1989; Levine and D'Antonio 
1999).  
Spatial scale is also important in studies of invasive species impact (Pauchard and Shea 
2006). Impacts due to resource competition occur in the neighbourhood of the invader, at 
small scales - competition for light occurs when two individuals overlap in horizontal 
extent above ground, allowing one plant to overtop and shade out another, competition for 
water and nutrients occurs when two individuals overlap in extent below ground and their 
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root systems are intermingled in the same patch of soil (Keddy and Shipley 1989). When 
impacts operate through ecosystem processes, for example by altering nutrient cycling or 
fire regimes (Dantonio and Vitousek 1992; Dukes and Mooney 2004), the effects can 
extend far beyond the immediate proximity of the plant and  operate at the landscape scale.  
To account for these effects, I conducted my study of impacts at two spatial scales, a 30 x 
30 cm plot scale and a 5 x 5 cm cell scale. While impacts due to competitive exclusion 
should be apparent at the plot scale, at such a fine scale as 5 x 5 cm it is difficult to believe 
any impacts would be missed. Furthermore, this gave me the opportunity to compare any 
impacts found at the two scales, potentially giving me the ability to distinguish competitive 
exclusion and ecosystem process impacts. 
I conducted my study of invasibility at the plot scale, allowing me to test the diversity 
resistance hypothesis rigorously. At this scale competitive effects should be apparent and 
those of spatial heterogeneity should be minimised; thus any negative relationship between 
diversity and invasibility should be apparent at this scale. As there were no data available 
to quantify native community diversity at the cell scale prior to H. lepidulum introduction, 
I was unable to test the diversity resistance hypothesis at this scale. 
3.3. Analysis 
I used the statistical software R (R_Development_Core_Team 2009) to formulate 
hierarchical mixed-effect models using the package lme4 (Bates and Maechler 2009). This 
technique fits a linear model to data with fixed  and random effects; fixed effects are those 
affecting the entire population, or repeatable manipulations of interest, such as 
experimental treatments, covariates and their interactions; random effects are those 
operating on experimental units within the data set, such blocks or repeated measurements, 
and represent stochastic variation in a larger population. For each effect a coefficient 
describing the magnitude and direction of its relationship with the response variable is 
estimated using Restricted Maximum Likelihood (REML). These coefficients can be 
interpreted as the effect of that parameter on the intercept (for single terms) or slope (for 
interaction terms) of relationship being modelled.  
My experimental design incorporated cells nested within plots, plots nested within blocks, 
and repeated measures on the same plots. By modelling these grouped experimental units 
as random effects, I was able to into account their non-independence through time, due to 
repeated measures, and spatially, due to the nested blocks design. Other approaches, such 
as fitting a linear model, risk pseudoreplication and violating assumptions of 
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independence. Treating these variables as random effects also maximises statistical power, 
as it uses fewer degrees of freedom than treating them as fixed effects and estimating a 
parameter for each level.  Instead, for each effect a mean and standard deviation are 
calculated, describing a normal distribution to which the observed values of each level 
belong. Separating out these random effects thus allows better estimates to be made of the 
fixed effects of experimental interest.  
When fitting a linear mixed effect model two sets of assumptions need to be satisfied. 
Firstly the within group errors must be independent, normally distributed about zero with 
constant variance, and be independent of the random effects. Secondly, the random effects 
must be normally distributed with a constant specified covariance matrix, and must be 
independent among groups.  To validate these assumptions I followed the methods in 
Pinheiro and Bates (2000); firstly I checked the distribution of within group residuals, and 
plots of the fitted versus observed values, then examined normal plots of the random 
effects and scatter plots of the random effects. Assumptions were satisfactorily met for all 
models presented. 
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Chapter 2: Above and below treeline 
processes interact with propagule pressure 
to determine invasion success 
 
Abstract 
Explaining the variable outcomes documented across a range of invasions is a major area 
of research interest, giving rise to a variety of hypotheses. As yet, unifying these 
hypotheses has proved difficult, and attempting to do so may indeed be fruitless. Most 
explanations of invasion success enjoy at least some theoretical and empirical support, and 
it seems possible that explaining the variety of outcomes, or indeed some specific 
outcomes, may require a combination of hypotheses. I examine the invasion success of 
Hieracium lepidulum above treeline and below treeline; experimentally adding seeds of the 
invader at different densities (0 - 15625 seeds per 30 x 30 cm plot, n=529) using a 
randomised, replicated block design. I examine how community richness, turnover, 
resource availability and propagule pressure interact to determine density of the invader 
six years after introduction, using hierarchical regression models. Results differed 
markedly above and below treeline. Above treeline, plots with higher richness and 
turnover were more invaded; below treeline, plots with higher available light were more 
invaded, suggesting different mechanisms facilitated invasion. In both habitats, these 
findings were modified by the influence of propagule pressure; at low propagule pressure, 
measured site characteristics were non-significant in explaining invasion success, while at 
high propagule pressure these effects became significant. These results highlight the 
complex nature of plant invasions, and the importance of propagule pressure. In addition, 
findings contradict the expectations of the diversity-resistance hypothesis, and are one of 
the only fine-scale, experimental studies to do so. 
1. Introduction 
As global travel and trade have increased, plants have being introduced outside their native 
ranges; many have become invasive in these new habitats, and can result in serious 
ecological and economic losses (Hobbs and Humphries 1995; Pimentel et al. 2000; Levine 
et al. 2003; Dukes and Mooney 2004). However, many introduced plants fail to become 
invasive, and amongst those which do, there is considerable variation in the magnitude of 
invasion. Explaining this variability has become a major area of research interest; there are 
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many hypotheses to explain differences in invasion success (see Theoharides and Dukes 
2007; Catford et al. 2009 for recent reviews), and available evidence provides at least 
some support for all (Catford et al. 2009). As such a general theory of invasion success is 
elusive, and may remain so.  
It is recognised that the outcome of a particular invasion is most likely the result of the 
complex interplay among invader identity, community susceptibility  to invasion 
(invasibility) and the size and frequency of introductions (propagule pressure) (Lonsdale 
1999). Thus, for a given invader, the degree of invasion success is likely to depend on 
community invasibility and its interaction with propagule pressure; however, these 
interactions are not often studied (but see Thomsen et al. 2006; Edward et al. 2009; 
Eschtruth and Battles 2009). 
Propagules of the invader are a prerequisite for any invasion to take place, and may be the 
prime determinant of success (Tilman 1997; Cassey et al. 2004; Von Holle and Simberloff 
2005; Colautti et al. 2006); increased propagule supply is thought to lead to greater 
invasion success (Williamson and Fitter 1996; Cassey et al. 2004). Each propagule can be 
visualised as passing through a process where variability in propagule genetic makeup, 
introduction site, introduction time and other factors combine to determine the chances of 
each propagule successfully establishing. It follows from this that more introductions 
result in a greater probability of some being successful, and hence propagule pressure will 
influence invasion success. Furthermore, at sufficiently high propagule pressures, despite 
this stochasticity, enough propagules will be introduced to opportune sites at opportune 
times that the effects of community resistance become overwhelmed, and previously 
uninvasible communities become invasible (Von Holle and Simberloff 2005). Despite this, 
few studies have quantified the effects of propagule pressure and how they may interact 
with community invasibility to determine invasion success (but see Colautti et al. 2006; 
Edward et al. 2009; Eschtruth and Battles 2009). 
Community invasibility is likely to depend on a number of factors. The diversity-resistance 
hypothesis suggests that more diverse communities can monopolise resources more 
effectively and are inherently more stable, and thus have greater ‘biotic resistance’ to 
invasion (Elton 1958; MacArthur 1972; Kennedy et al. 2002). We may thus expect more 
species rich communities to be less invasible, particularly finer spatial scales where 
competitive effects are strongest, and the confounding effects of spatial heterogeneity and 
covariation between richness, resource availability and other variables are weakest (Drake 
et al. 1989; Levine and D'Antonio 1999; Shea and Chesson 2002; Davies et al. 2005). 
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Species turnover may also influence community invasibility. In the ‘carousel model’ of 
turnover (VanderMaarel and Sykes 1993), at fine spatial scales, species are thought to 
appear and disappear from year to year, forming a shifting mosaic as individuals die and 
colonise new sites; while at coarser scales community composition remains unchanged – 
this effect has been documented in particular in grasslands (VanderMaarel and Sykes 1993; 
VanderMaarel 1996). It seems likely that invaders may behave similarly to native species 
(Huston 2004), and ‘jump aboard’ this carousel, colonising vacant sites, and thus more 
readily invade high turnover communities where such sites become available more 
frequently. 
Background resource availability is also often thought to influence invasibility, although 
for any given community the both positive and negative relationships are possible. Species 
richness tends to show a humped relationship along resource gradients (Mittelbach et al. 
2001; Stein et al. 2008). As we may expect the same factors to drive both native and exotic  
(Huston 2004), we would expect exotic richness, and thus invasibility, to show a similar 
humped relationship. At low resource levels we may expect a positive relationship between 
resource availability and invasibility, while at high resource levels we may expect the 
inverse to be true, and at intermediate levels there may be little influence. Just such a 
humped relationship was reported along a moisture gradient by Rejamanek (1988); 
although mostly relationships cited in the literature are positive (e.g. Huenneke et al. 1990; 
Burke and Grime 1996),  non-significant (e.g. Sandler et al. 2007), or negative 
(e.g.Tanentzap and Bazely 2009). These studies may well have been conducted across 
gradients of a magnitude that revealed only part of the overall humped relationship. Most 
often positive relationships are reported (Funk and Vitousek 2007), and this may reflect the 
majority of studies taking place in resource limited communities. Furthermore, invasion 
outcomes along a resource gradient will depend on the relative competitive strengths of the 
invader and community dominants at low, high and intermediate resource levels. 
Studies of factors influencing H. lepidulum invasion success have produced a variety of 
conclusions; propagule pressure, reduced competition due to disturbance, and competitive 
advantages at both high and low resource availabilities have all been cited as determining 
factors, and many of these findings appear to be contradictory. In a study tracking invasion 
of H. lepidulum into mountain beech forest (Nothofagus solandri var. Cliffortiodes), 
similar to that found in the study site,  Wiser et al. (1998) found that at low propagule 
pressures this factor limited invasion success; but at higher propagule pressure, sites with 
higher species richness and more resources - notably in the form of light resulting from 
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treefall gaps – were more invaded. Studies of the competitive abilities of H. lepidulum 
relative to co-occurring species have been somewhat inconclusive, suggesting both that it 
is not a strong competitor at high or low resource availability, but colonised disturbed sites 
where competition was reduced (Radford et al. 2006), and that it has a competitive growth 
advantage over co-occurring species at low resource levels (Radford et al. 2009). Other 
studies have suggested invasion success may be due to high propagule pressure and an 
ability to colonise sheltered inter-tussock micro-sites (Rose and Frampton 1999; Rose et al. 
2004), in conjunction with competitive advantages which then allow H. lepidulum to 
displace native species and become dominant over time (Rose and Frampton 1999; Rose 
and Frampton 2007). At present it is difficult to reconcile these varying findings, but they 
suggest there may be multiple mechanisms operating - above and below treeline, with high 
and low resource availability, and in disturbed and undisturbed sites. 
In this study I investigate four variables thought to influence invasion success, or 
implicated in existing studies of H. lepidulum invasion; community richness and turnover, 
resource availability, and propagule pressure, focusing in particular on interactions 
between invasibility and propagule pressure. Both biotic (richness and turnover) and 
abiotic (resource availability) characteristics of communities are likely to differ 
significantly above and below treeline; for example, in the study area below treeline 
communities tend to be dominated by relatively few, long lived species, and are often 
limited by light availability, whereas above treeline communities may be more diverse, 
with higher turnover rates and limited by nutrient availability. We may thus expect 
invasion success to be dependent on propagule pressure and light availability below 
treeline, as suggested by Wiser et al. (1998); but above treeline, in grasslands comparable 
to those studied by VanderMaarel and Sykes (1993), we may expect the interaction of 
propagule pressure and turnover to be of primary importance.  
Hieracium lepidulum seeds were experimentally added at different densities to 30 x 30 cm 
plots in three above treeline and three below treeline communities, and the subsequent 
fates of the invader and native communities followed over six years.  At this plot size, 
competitive effects as proposed by the diversity-resistance hypothesis should be apparent, 
as should any effects of turnover (sensu VanderMaarel and Sykes 1993). This design 
allowed me to examine the effects on H. lepidulum invasion success of 1) propagule 
pressure, which was manipulated via seed addition treatments; 2) native community 
richness; 3) species turnover; and 4) background resource availability. 
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2. Methods 
2.1. Study site 
The study was conducted in the Craigieburn Stream catchment, Craigieburn Forest Park, 
Canterbury, New Zealand (43o10’S, 172°45'E). The terrain is mountainous, with elevations 
ranging from 800m to 2000m. The dominant vegetation is mountain beech forest 
(Nothofagus solandri var. cliffortiodes) to an elevation of approximately 1400m, above 
which it gives way to subalpine scrub, tussock grasslands, and alpine herbfields. The mean 
annual temperature is 8.2°C, and mean annual precipitation is 1533 mm (Miller 2006). 
2.2. Experimental setup 
Hieracium lepidulum seeds were experimentally added at different densities to plots 
located in six habitat types: three below treeline - forest creek, intact forest, forest canopy 
gap (formed by treefall); and three above treeline - alpine creek, tussock grassland and 
subalpine scrub. A randomised block design was used, with each habitat having six 
replicate blocks. Subalpine creek and forest creek blocks were adjacent to the main 
watercourse draining the catchment, Craigieburn Stream.  Forest creek and subalpine creek 
blocks were located a random distance along the stream below treeline and above treeline 
respectively. For intact forest and tussock grassland habitat, blocks were located a random 
distance along Craigieburn Stream and a random distance perpendicular to the watercourse 
into the forest or tussock habitat.  The minimum distance from the watercourse was no less 
than 20 m (to ensure the habitat was not strongly influenced by the creek) and no more 
than 200 m (for logistical reasons). Canopy gap blocks were located at the nearest treefall 
gap greater than 25 m2 a random distance along the creek and a random distance into the 
forest, as above. Scrub habitat blocks were located by mapping the scrub patches above 
treeline in the study catchment using aerial photographs, and then randomly selecting six 
representative patches. 
Each block comprised three replicate plots of each of seven H. lepidulum seed addition 
treatments (21 plots per block): control with no seed addition and no initial wetting, 
procedural control with no seed addition but with wetting, and seed addition at rates of 25, 
125, 625, 3125 and 15625 seeds per 30 x 30 cm plot with wetting (or 278, 1389, 6944, 
34722, and 173611 seeds/m2). Lower treatment levels represent seed densities in the range 
expected in areas invaded by H. lepidulum, based on its observed densities and rates of 
seed production (Miller 2006). Plots with higher densities contained more seeds than 
expected to occur naturally, but allowed examination of a ‘worst case’ scenario. Wetting 
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was used to prevent the seeds from blowing away during seed addition. The plots in each 
block were randomly positioned in a 16 m2 area such that there was at least a 30 cm buffer 
between each plot, and seed density treatments were randomly assigned to each plot 
following plot placement. Plots were permanently marked with two labelled corner pegs. 
Naturally occurring H. lepidulum plants were uncommon in the study blocks at the start of 
the experiment, but any plants occurring in or within 20 m of the edge of the block were 
removed at the start of the study.  
2.3. Data collection 
2.3.1. Plot abiotic characteristics 
Data on environmental conditions in each block were collected prior to seed addition:  soil 
attributes were measured at the block level, and light measurements were taken for each 
plot. Soil samples were collected from the corners of each block using a 10 cm corer and 
then bulked. Five grams wet weight of soil from each block was dried and re-weighed to 
calculate gravimetric soil moisture content. The remaining soil was air dried, sieved and 
analysed for carbon and nitrogen. For each plot, available light was measured as the 
percentage of photosynthetic photon flux density (%PPFD) under overcast skies. To do 
this, fifteen instantaneous light measurements (Qi) were taken 1 cm above the centre of 
each plot using point quantum sensors (LI-190SA, LICOR, Lincoln, NE, USA), while 
readings under open light conditions (Qo) were recorded simultaneously. %PPFD was then 
calculated as Qi/Qo x 100. 
2.3.2. Quantifying H. lepidulum abundance and native community structure  
Hieracium lepidulum seeds were added to the plots in March 2003 (autumn), and the 
numbers of  H. lepidulum plants in each plot was recorded in the following summer 
(December 2003) and then recorded annually in February or March from 2004-2009. One 
measurement was taken in December 2003 to capture peak densities which occurred at that 
time, subsequent measurements were taken in February and March each year for 
phenological consistency. In plots where high densities of H. lepidulum plants made a 
complete census impractical, a 1 cm x 1 cm grid of cells was overlaid on the plot, and the 
count from 20 randomly selected cells were multiplied by 45 to estimate the total plot 
count.  
Prior to seed addition, the plant community in each plot was characterised by recording the 
presence of all vascular plant species. Changes in composition were tracked by 
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remeasuring each plot in 2006, 2007 and 2009, again recording all vascular plant species 
present. Identification was to species level in nearly all cases; in cases where there was a 
lack of morphological features allowing identification to species level in the field, 
identification was to genus level, and such groupings were kept consistent between years.   
Ten plots (1%) which could not be relocated during the study were excluded from the 
analyses. 
2.4. Analysis 
Propagule pressure was quantified as one five H. lepidulum seed addition treatments; 
treatments one to five corresponding to additions of 25, 125, 625, 3125 and 15625 seeds 
per plot (or 278, 1389, 6944, 34722, and 173611 seeds/m2).  
I used native community richness in 2003 to quantify the influence of native community 
richness on invasibility, as this reflects the state of the community prior to experimental 
introduction of H. lepidulum. 
As measures of turnover, I calculated the rates at which species colonised and became 
locally extinct in each plot over the six years of the study. Using the presence and absence 
of species at each of the four measurement times, I calculated the numbers of colonising 
and locally extinct species over each measurement interval (Rusch and Vandermaarel 
1992), and used these to calculate the number of species to become locally extinct and 
colonisation per year. I then took the mean of these three rates; this approach minimised 
the possibility that a species may enter and leave the plot between measurements. 
Extinction rate was well correlated with colonisation rate (see results below), and as it is 
local extinctions which provide an opportunity for H. lepidulum to establish, it was chosen 
as the measure of species turnover.   
As measures of the amount of resources available for plant growth I used light (%PPFD), 
soil moisture content and soil nitrogen as measured by nitrogen to carbon ratio (N:C ratio). 
The relative importance of these three resources is unknown, so to weight them equally, I 
transformed each by subtracting the mean and dividing by one standard deviation. 
To investigate the nature of the relationships between these variables and 2009 H. 
lepidulum density, I  fitted five hierarchical regression models to the data (Gelman and Hill 
2006), one for each putative variable thought to influence invasibility (2003 richness, 
extinction rate, available light, N:C ratio and soil moisture); these and their interactions 
with propagule pressure were the fixed effects of the five models, and each model had 
block as a random effect to account for the non independence of plots nested within 
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blocks. For the soil moisture and N:C ratio models, H. lepidulum density was log 
transformed to improve model fit. 
To test the relative importance of species richness, extinction rate and each of the three 
resources, I fitted two further models - to data above and below treeline. Both incorporated 
those five variables and the interaction of each with seed treatment as fixed effects, and 
plot as a random effect. Contrasting results from previous studies indicate that there may 
be significant differences in factors promoting H. lepidulum invasion between 
communities above and below treeline.   
Coefficient estimates from each model were tested for significance using t-tests. There is 
uncertainty in estimating the denominator number of degrees of freedom for coefficients of 
mixed effects models (Bates 2006; Baayen et al. 2008). To overcome this, I set these to be 
the number of observations minus the number of fixed effects coefficients. While for small 
data sets this produces anti-conservative p values, for data sets of this size (n = 529) it 
provides a good measure of significance (Baayen et al. 2008). 
3. Results 
Seed addition treatments resulted in differential invasion of plots by H. lepidulum (Fig. 1). 
Plots subject to treatment one were not significantly more invaded than control plots or 
procedural control plots (no seeds added and no seeds added with wetting). Plots subject to 
treatments two, three, four and five all had significantly more H. lepidulum individuals in 
2009 than controls. All treatments also differed significantly from each other, except 
treatments four and five, where there was no significant difference in H. lepidulum 
invasion success in 2009. Local extinction rate was well correlated with colonisation rate 
(Pearson’s product-moment correlation = 0.88). As local extinctions provide opportunities 
for H. lepidulum to establish, I used extinction rate as my measure of species turnover.  
3.1. Individual models 
Hierarchical regression models of 2009 H. lepidulum density fitted with 2003 richness, 
extinction rate, light, soil N:C ratio and soil moisture as fixed effects all showed positive 
interactions with seed addition treatment, but these were significant only at higher seed 
addition densities.  In the species richness model, plots with higher species richness in 
2003 had significantly higher densities of H. lepidulum in 2009 for treatments three, four 
and five (additions of 625, 3125 and 15625 seeds per 30 x 30 cm plot; Fig. 2), the opposite 
of what is predicted by the diversity-resistance hypothesis. At lower seed addition densities 
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(treatments one and two) 2003 richness had no significant influence on H. lepidulum 
invasion. This same pattern across treatments was also found for the extinction rate model 
(Fig. 3); for treatments three, four and five plots with higher extinction rates contained 
significantly more H. lepidulum individuals in 2009.  Models of resource availability 
showed qualitatively similar patterns, with plots with more available resources being more 
heavily invaded; here the interactions were significant only for treatments four and five for 
the light model (Fig. 4); three four and five for the soil moisture model (Fig. 5); and four 
and five for the N:C ratio model (Fig. 6). 
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Figure 1 
Histogram of mean Hieracium lepidulum density in 2009 and 95% confidence intervals, 
six years after addition of H. lepidulum seeds at five treatment densities (25, 125, 625, 
3125, 15625 seeds respectively per 30 x 30 cm plot, columns T1 – T5) and control and 
procedural controls (no seeds added, no seeds added with wetting, columns C and PC) 
 
 
 
 
 
 
 
28 
 
0 5 10 15 20
2003 plot richness
0
10
0
20
0
30
0
40
0
20
09
 
H
.
 
le
pi
du
lu
m
 
de
n
si
ty
treatment seeds sown
15625
3125
625
125
25
 
Figure 2 
Fitted hierarchical regression model of 2009 Hieracium lepidulum density per 30 x 30 cm 
plot, with species richness, seed addition treatment and their interaction as fixed effects (n 
= 529). 
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Figure 3 
Fitted hierarchical regression model of 2009 Hieracium lepidulum density per 30 x 30 cm 
plot, with extinction rate, seed addition treatment  and their interaction as fixed effects (n = 
529). 
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Figure 4 
Fitted hierarchical regression model of 2009 Hieracium lepidulum density per 30 x 30 cm 
plot, with available light, seed addition treatment and their interaction as fixed effects (n = 
529). 
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Figure 5 
Fitted hierarchical regression model of log transformed 2009 Hieracium lepidulum density 
per 30 x 30 cm plot, with soil moisture, seed addition treatment  and their interaction as 
fixed effects (n = 529). 
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Figure 6 
Fitted hierarchical regression model of log transformed 2009 Hieracium lepidulum density 
per 30 x 30 cm plot, with N:C ratio, seed addition treatment  and their interaction as fixed 
effects (n = 529). 
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3.2. Below treeline 
In the model fitted to data below treeline with 2003 richness, extinction rate, light, N:C 
ratio, soil moisture and their interactions with seed addition treatment as fixed effects, 
richness and extinction rate were not significant in explaining invasion success. Of the 
resources examined, only available light was significant in explaining H. lepidulum 
invasion (Fig 7). Again, the effect was significant only at higher propagule pressures 
(treatments four and five), where plots with more available light were significantly more 
invaded by H. lepidulum. Below treeline habitats varied in available light; plots in forest 
gap and forest creek habitats had more available light (8.3 ± 4.8 and 10.5 ± 7.8 %PPFD 
respectively) than forest plots (3.6 ± 2.1 %PPFD). Controlling for other variables, 
treatments four and five had more H. lepidulum individuals in 2009, but this was 
significant only for treatment four.  
3.3. Above treeline 
In the equivalent overall model fitted to data above treeline, plots with higher 2003 
richness had more H. lepidulum individuals in 2009 for treatments four and five, although 
significantly so only for treatment four. Plots with higher extinction rates were 
significantly more invaded by H. lepidulum for treatment five (Fig. 8). Resource 
availability was non-significant in explaining H. lepidulum invasion success. 
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Figure 7 
Coefficient estimates from fitted hierarchical regression models of below treeline 2009 
Hieracium lepidulum density per 30 x 30 cm plot, with 2003 plot species richness, 
extinction rate, available light, soil moisture, N:C ratio and their interactions with seed 
addition treatment as fixed effects (n = 529). Significant results (p < 0.05) indicated with a 
bold line and solid circle. 
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Figure 8 
Coefficient estimates from fitted hierarchical regression models of above treeline 2009 
Hieracium lepidulum density per 30 x 30 cm plot, with 2003 plot species richness, 
extinction rate, available light, soil moisture, N:C ratio and their interactions with seed 
addition treatment as fixed effects (n = 529). Significant results (p < 0.05) indicated with a 
bold line and solid circle. 
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4. Discussion 
Results showed marked differences in variables influencing invasion success above and 
below treeline, and significant interactions between these variables and propagule 
pressure. Above treeline, plots with higher turnover (as measured by extinction rates) and 
species richness were more invaded. It seems here that plots with higher rates of species 
turnover provided more opportunities for H. lepidulum (along with others species in the 
regional pool) to establish; H. lepidulum may act in a similar way to existing community 
members, and hitch a ride on the ‘carousel’ of species turnover (VanderMaarel and Sykes 
1993). An alternative is that local extinctions occurred as a result of disturbance, herbivory, 
or disease; factors cited in the nutrient enrichment hypothesis, which suggests that 
resultant pulses of resources provide windows of opportunity for invaders to establish 
(Davis et al. 2000; Davis and Pelsor 2001). Disturbance by spring avalanches, human 
activities or herbivory by introduced hares may have destroyed all individuals of a species 
within a plot, and the resulting increase in resources (due to higher availability and reduced 
consumption) may have facilitated invasion, although this remains speculative. 
Expectations of the resource enrichment hypothesis were more convincingly matched 
below treeline. Here invasion success was primarily controlled by light availability and 
propagule pressure, echoing the findings of Wiser et al. (1998). Higher light levels below 
treeline occurred in plots situated in treefall gaps and in gallery forest along stream 
margins. Such treefall gaps are a form of disturbance; stream margins are also subject to 
relatively frequent treefalls due to the effects of intermittent flooding and steep banks. The 
resultant increase in available light can be thought of as a resource pulse, albeit on a 
relatively long temporal scale.  
Perhaps the clearest result from this study is the overriding role of propagule supply in 
determining invasion success. Seed addition treatment showed significant interactions with 
species richness, extinction rate and resource availability (although in overall models light 
was the only resource significant in explaining H. lepidulum density after controlling for 
other variables). Of particular interest, these interactions were only significant at higher 
propagule pressures. Thus it appears that at low propagule pressures, species richness, 
species turnover and resource availability had no significant influence on H. lepidulum 
invasion; while above a certain threshold propagule supply, H. lepidulum could overcome 
barriers to establishment and preferentially invade plots with higher turnover and richness 
(above treeline), disturbance meditated resource pulses (below treeline).  Below this 
threshold it appears the effects of stochastic processes may dominate and relatively few 
37 
 
plots are invaded, while above the threshold there are sufficient propagules that abiotic and 
biotic site effects become apparent. In this context, it is worth noting that Wiser et al. 
(1998) reported propagule pressure to increase in the forest interior as the invasion in their 
study progressed, and as a result switched from being dispersal limited to resource (light) 
limited.  
The diversity-resistance hypothesis was not supported by these results; instead of the 
predicted negative association between native richness and invader density, I found 
positive or non-significant relationships: species rich plots were in general more invasible. 
Evidence in the literature for the diversity-resistance hypothesis is mixed, and the 
apparently contradictory results have been the source of considerable debate (Levine and 
D'Antonio 1999; Wardle 1999; Naeem et al. 2000; Kennedy et al. 2002; Fridley et al. 
2007). In general, observational studies have not supported the hypothesis, showing a 
positive relationship between native richness and invasibility (PlantyTabacchi et al. 1996; 
Sax 2002; Stohlgren et al. 2003; Stohlgren et al. 2006), while experimental studies in the 
main have supported the hypothesis (Tilman 1997; Levine 2000; Kennedy et al. 2002). 
This apparent conflict is most likely due to the scale dependence of the relationship (Shea 
and Chesson 2002; Davies et al. 2005). At fine scales (< 1 m2, in the range of plot sizes 
typically used in experimental studies) competitive effects are expected to result in a 
negative relationship between the two; at coarser scales often used in observational  studies 
competitive effects are less apparent, while both native and exotic richness are likely to 
covary with resource availability, disturbance and spatial heterogeneity (Drake et al. 1989).  
Importantly, this study was experimental, and conducted at a relatively fine (30 x 30 cm) 
spatial resolution. At this scale the effects of interspecific competition should be apparent 
and those of spatial heterogeneity should be minimal; we would thus expect to see any 
putative effect whereby community richness confers resistance to invasions. Two 
experimental addition studies have found similar positive relationships (Peart and Foin 
1985; Robinson et al. 1995), but in both cases the result was attributed to the presence of a 
heavily dominant species which suppressed both  native  and exotic species, resulting in 
low richness plots being relatively uninvaded. This does not appear to be the case here as 
relatively few plots were dominated by one species in such manner. 
How else could such a positive relationship come about? Native and exotic species may 
well respond to the same abiotic variables (Huston 2004), and thus sites with high native 
richness are also likely to be favourable sites for H. lepidulum. Alternatively, biotic factors 
may play a role, namely via facilitation. In high stress environments such as those found 
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near treeline (Richardson and Friedland 2009), relationships between species are more 
likely to be facilitative than competitive  (Callaway et al. 2002; Brooker et al. 2008) - for 
example sites with vegetation are likely to provide more shelter and better moisture 
retention than bare ground – and thus species rich sites may favour, rather than inhibit, H. 
lepidulum establishment. 
Given this lack of support for the diversity-resistance hypothesis, what could be the 
explanation in terms of the underlying theory? The hypothesis has its origins in the work 
of Elton (1958) and MacArthur (MacArthur 1955; 1972). Elton suggested that more 
diverse communities are inherently more stable in the face of perturbations from outside 
influences, but there is some debate whether this implies less susceptibility to invasion or 
impact (Levine and D'Antonio 1999). Similarly, MacArthur (1955) hypothesised that as 
more diverse communities have more links between species, breaking one of these will 
have a smaller effect on community stability than in relatively in species poor 
communities,  thus rendering the more diverse community more stable. However, from the 
standpoint of the carousel model of turnover, what is meant by ‘stability’ and how this may 
prevent invasive species entering a community seems less clear. The diversity-resistance 
hypothesis has also been criticised on the grounds that there may be a confounding 
sampling effect: more diverse communities are more likely to contain a native species 
which can strongly compete with and resist the invader, rather than diversity per se 
conferring resistance (Wardle 2001). 
The results presented here illustrate the complex nature of invasions, and that several 
different factors may be responsible for the success of any given invasion. Here, turnover, 
resource pulses and propagule pressure all play a role, with different processes operating 
above and below treeline. However, the effects of turnover and resource pulses were only 
apparent when propagule pressure was sufficiently high, and below this threshold all sites 
appeared equally invasible. As such it appears propagule pressure may be the overriding 
determinant of invasion success, allowing invaders to take advantage of natural 
community turnover and fluctuating resource levels.  
The existence of a threshold propagule pressure above which H. lepidulum can invade 
disturbed habitats more successfully is significant from a conservation perspective, in that 
weed control aimed at limiting propagule pressure may be an effective and efficient way to 
limit spread and establishment in new areas, in particular forest interiors. Controls on 
human activity to limit disturbance and propagule supply may also benefit any 
management programme.  
39 
 
Further experimental studies are required, and could fruitfully investigate two factors 
thought to influence invasion success, not incorporated here. I considered community 
diversity to be species richness, however  other measures are possible, and there is 
evidence (Levine and D'Antonio 1999) that trophic diversity is a more relevant measure of 
a community’s ability to effectively sequester resources and thus resist invasion. Invader 
identity is also key, yet there are surprisingly few studies which specifically control for 
differences between invaders. Such studies would be invaluable in furthering progress 
towards been able to accurately predict invasion success across a range of communities 
and invaders. 
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Chapter 3: No significant impacts on plant 
community composition or structure  
 
Abstract 
There is debate over whether invasive plants necessarily impact the communities they 
invade, or can coexist without discernable impacts. I followed the fate of alpine grassland, 
scrub and montane forest communities in response to the experimental sowing of the alien 
weed Hieracium lepidulum, looking for changes in community composition and structure 
over six years. I used a replicated randomised block design, with 30 x 30 cm plots (n=756) 
subdivided into 5 x 5 cm cells to examine and compare the effects of H. lepidulum at 0.09 
m
2 (plot) and 0.0025 m2 (cell) scales. Plots were sown with 0 - 15625 H. lepidulum seeds 
in 2003, forming gradients of invader density and cover. Measurements comprised 
community richness, evenness and diversity along with H. lepidulum density and cover at 
both scales. The relationships between the invader and local community attributes were 
modelled using hierarchical mixed-effect models. Plot species richness increased from 
2003 to 2009; furthermore, some of this increase (+0.002 species/year) was associated 
with H. lepidulum density. Other relationships between the plant community and H. 
lepidulum were generally non-significant. It appears H. lepidulum coexists with the 
community in the study site, and has had no negative effects on richness, evenness or 
diversity, even where density and cover of the alien are highest.  
1. Introduction 
In chapter one I found that after experimental introduction, H. lepidulum preferentially 
established in species rich and high turnover sites above treeline, and sites with canopy 
disturbance below treeline. In this chapter I investigate the impacts on resident plant 
community composition and structure that may result. 
It is well known that some introduced plant species can impact native plant communities, 
considerably altering their composition and structure, causing declines in abundance and 
local extinctions of native plant species (e.g. Pysek and Pysek 1995; Vila et al. 2006; 
Hejda et al. 2009) and modifying ecosystem structure and function (e.g. Vitousek and 
Walker 1989; D'Antonio and Vitousek 1992; Ogle et al. 2003). While these problems 
warrant considerable concern, evidence suggests such impacts due to alien plant species 
may be the exception rather than the rule (Williamson 1996; Levine et al. 2003; Sax and 
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Gaines 2008), and it appears many invasive weeds may coexist as additional community 
members without significant impact (Stohlgren et al. 2006). Resolution of these apparently 
conflicting results can be found by considering the scale-dependency of alien plant 
impacts;  negative interactions between alien and native species generally operate at fine 
spatial scales (< 1m2), while at coarser scales heterogeneity may mean native plant 
diversity and alien abundance covary with favourable environmental factors (e.g. resource 
availability, disturbance regime) leading to positive associations between the two (Levine 
and D'Antonio 1999). In addition, there is still much debate over the relative importance of 
identity and traits of the alien invader and how these interact with a given invaded 
community.  Indeed, the frequency and extent to which alien plants impact native 
communities are at present unclear due to a lack of studies representative of the range of 
alien plant life-forms, invaded native communities and spatial scales examined (Mack 
1996; Byers et al. 2002; Mills et al. 2009).  More case studies and a move towards 
generality are needed if we are to understand the nature and scale of the problem invasive 
weeds pose, and target limited management resources effectively (Parker et al. 1999; 
Levine et al. 2003). 
Several difficulties arise in trying to quantify invader impacts. The majority  of studies 
take an observational approach, comparing native community diversity and composition 
between already invaded and uninvaded habitats (Levine et al. 2003). However, such a 
correlative approach reveals little about the causality of any differences detected, since 
species poor communities may be more readily invaded (Levine and D'Antonio 1999), and 
both native and alien species richness may covary with similar environmental drivers 
(Hulme 2006). One alternative is experimentally removing the invader from plots, and 
examining the response of the invaded community to its absence (e.g. Ogle et al. 2003; 
Hulme and Bremner 2006; Stinson et al. 2007; Truscott et al. 2008). While overcoming the 
confounding effects faced by observational studies, two further difficulties arise (Diaz et 
al. 2003). First, the act of removal itself, and the associated disturbance may obscure any 
invader effects, particularly in communities not naturally subject to high levels of 
disturbance. Second, the true impact of the invader may not be measured, as the native 
community which establishes following release from the invader may differ from the pre-
invasion community. 
A third alternative is to experimentally introduce the invader into the native community 
and compare its response between invaded and uninvaded control plots. While care needs 
to be taken in selecting appropriate study species and sites to avoid potential ethical issues 
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involved (Truscott et al. 2008; Vila et al. 2008), such introductions have three advantages 
over other methodologies. First, they allow questions of causality to be investigated due to 
their experimental nature; second, they keep anthropogenic disturbance to a minimum; and 
third, allow direct measurement of invader impacts.  
Another consideration is that of temporal scale. When the state of a plant community is 
perturbed by an invader, it may be some time before it reaches a new stable state or returns 
to the original one; extinctions or declines in abundance of native plant species may occur 
over timescales of years or even decades (Gaertner et al. 2009), and studies of invasive 
plant impacts need to span similar time periods to properly assess the long term impact of 
an invader. 
My aim is to examine the long-term impacts of an invasive alien plant on native 
community composition and structure, using intentional introductions to establish 
experimental gradients of invader density and abundance.  I use the alien plant Hieracium 
lepidulum as a model since it is widely regarded as posing a significant threat to the 
diversity of montane and subalpine native forest and grassland communities in the South 
Island, New Zealand (Rose and Frampton 1999; Radford et al. 2007).  
I hypothesise that H. lepidulum primarily impacts the native plant community through 
competitive displacement (Rose and Frampton 1999; Moen and Meurk 2001; Rose et al. 
2004; Radford et al. 2007; Rose and Frampton 2007; Radford et al. 2009), and 
consequently that its effects should be most apparent at the fine spatial scale of plant 
neighbourhoods. However, even if impacts result from other putative mechanisms, they 
should still be apparent at these scales. Such impacts would lead to population declines and 
local extinctions, and thus changes in the local species richness, evenness and diversity of 
native plant communities.  I therefore examined the impact of H. lepidulum invasion by 
following changes in these three key traits of the native plant community at two spatial 
scales over a period of six years. By establishing an experimental gradient of alien plant 
densities and assessing impacts over six years and at two spatial scales I undertake one of 
the most through assessments of alien plant impacts to date. 
2. Methods 
2.1. Study site 
The study was conducted in the Craigieburn Stream catchment, Craigieburn Forest Park, 
Canterbury, New Zealand (43o10’S, 172°45'E). The terrain is mountainous, with elevations 
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ranging from 800m to 2000m. The dominant vegetation is mountain beech forest 
(Nothofagus solandri var. cliffortiodes) to an elevation of approximately 1400m, above 
which it gives way to subalpine scrub, tussock and alpine herbfields. The mean annual 
temperature is 8.2°C, and mean annual precipitation is 1533 mm (Miller 2006). 
2.2. Experimental setup 
This study used the same experimental introduction experiment described in chapter two, 
established by Miller (2006). 
Hieracium lepidulum seeds were experimentally added at different densities to plots 
located in six habitat types: forest creek, intact forest, forest canopy gap (formed by 
treefall), alpine creek, tussock grassland and subalpine scrub. A randomised block design 
was used, with each habitat having six replicate blocks. Each block comprised three 
replicate plots of each of seven H. lepidulum seed density treatments (21 plots per block): 
control with no seed addition and no initial wetting, procedural control with no seed 
addition but with wetting, and seed addition at rates of 25, 125, 625, 3125 and 15625 seeds 
per 30 x 30 cm plot with wetting (or 278, 1389, 6944, 34722, and 173611 seeds/m2).  
2.3. Data collection 
2.3.1. Plot abiotic characteristics 
Data on environmental conditions in each block were collected prior to seed addition.  For 
each block, altitude and aspect were recorded, soil depth in the centre was measured with a 
metal probe, and soil samples were collected from the corners using a 10 cm corer and 
then bulked. Five grams wet weight of soil from each block was dried and re-weighed to 
calculate gravimetric soil moisture content. The remaining soil was air dried, sieved and 
analysed for pH, Olsen-soluble phosphorous, carbon, nitrogen and potassium. Light 
measurements were taken for each plot as described in chapter two. 
2.3.2. Quantifying H. lepidulum abundance and native community structure  
Data were collected in two phases; H. lepidulum density and community richness from 
2003 to 2009 (see chapter two for details), plus additional measurements made only in 
2009 which provided the basis to calculate indices of richness, diversity and evenness at 
the plot and cell scales (see below). I adopted this approach to take advantage of pre-
existing measurements taken in the course of associated experiments.   
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In 2009 additional measurements were made to characterise invader impacts. To better 
quantify the impact of H. lepidulum at fine spatial scales, where I hypothesise competitive 
effects to be most apparent, each plot was divided into a regular grid of 36 5 cm x 5 cm 
cells. In each cell I recorded the number and cover of H. lepidulum plants, and the 
presence and cover of all other vascular plant species. Cell values were averaged to obtain 
cover estimates for each species at the plot level. 
Ten plots (1%) could not be relocated during the study; most likely due to disturbances 
such as treefalls. In addition, four plots contained no native species throughout the study 
and were thus uninformative when considering H. lepidulum impacts on native 
communities. I excluded these 14 plots from the analyses. 
I calculated three indices of community attributes expected to show impacts due to H. 
lepidulum; richness, Shannon diversity and Shannon evenness (Magurran 2003; 
Spellerberg and Fedor 2003). H. lepidulum is hypothesised to compete with members of 
the plant community for resources, leading to reduced abundance or local extinction of 
some. If so, local extinction will result in lower richness and diversity indices, while 
reduced abundance of some species will result in lower diversity and evenness indices. 
Shannon Diversity was utilised due to its relative sensitivity to rare species, which may be 
more likely to manifest impacts. All three indices were calculated at both the plot and cell 
scales in 2009. Richness is the number of species present per plot or cell excluding H. 
lepidulum. Shannon diversity ( ) and evenness ( ) were calculated as follows:  
   
Where S is species richness and is the proportional abundance (cover) of the th species. 
 can take any positive value, with higher values indicating greater richness and/or more 
evenly spread abundances among species. Values of  range between 0 and 1; where lower 
values indicate dominance by one or a few species and higher values indicate an 
increasingly even spread of abundances among species.  
2.4. Analysis 
The analysis was conducted in three parts: a longitudinal analysis of changes in plot 
species richness over six years as a function of H. lepidulum density, and two analyses that 
examined variation in native community richness, diversity and evenness in relation to H. 
lepidulum density and cover in 2009; one at the plot and the other at the cell scale. I used 
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the statistical software R (R_Development_Core_Team 2009) to formulate hierarchical 
mixed-effect models using the package lme4 (Bates and Maechler 2009).  
When fitting a linear mixed effect model two sets of assumptions need to be satisfied. 
Firstly the within group errors must be independent, normally distributed about zero with 
constant variance, and be independent of the random effects. Secondly, the random effects 
must be normally distributed with a constant specified covariance matrix, and must be 
independent among groups.  To validate these assumptions I followed the methods in 
Pinheiro and Bates (2000); firstly I checked the distribution of within group residuals, and 
plots of the fitted versus observed values, then examined normal plots of the random 
effects and scatter plots of the random effects. Assumptions were satisfactorily met. 
2.4.1. Longitudinal analysis 
I first examined how plot species richness changed through time by fitting linear trends to 
the data using a hierarchical regression model (Gelman and Hill 2006). Time (years since 
addition of H. lepidulum seed), habitat and their interaction were included as fixed effects, 
with the interaction term allowing for a different trend in species richness through time in 
each habitat. There were repeat measurements per plot, and the plots were nested within 
blocks, so I included plot nested within block as random effects to account for this non-
independence. 
If invasion by H. lepidulum caused local extinctions through competitive exclusion, we 
would expect species richness to have declined more in heavily invaded plots relative to 
uninvaded ones. To test this, I fitted a second regression model with the same random 
effects, but with 2009 density of H. lepidulum, time, the interaction between density and 
time, and habitat as fixed effects. The density by time interaction tests whether more or 
less invaded plots (as measured by H. lepidulum density in 2009) show different trends in 
native species richness through time. In addition, I included soil characteristics (carbon, 
nitrogen, phosphorous and potassium levels, pH, soil moisture and soil depth) and physical 
attributes (plot altitude, aspect and available light) as additional fixed effects. These could 
influence both native species richness and H. lepidulum density, so were included as 
covariates to account for this. 
This model was compared with another candidate to allow for the possibility that H. 
lepidulum could have different impacts in different habitats. I fitted a second model with 
an additional 2009 H. lepidulum density by habitat interaction. I selected the better model 
using Akaike Information Criterion (AIC), a measure of the explanatory power of a model 
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which penalises models requiring more parameters; a lower AIC value indicates the 
‘better’ model (Akaike 1974).  As the alternative model did not show significant reduction 
in AIC, it was rejected in favour of the original model.  
Coefficient estimates for the final model were tested for significance using ANOVA in the 
package languageR (Baayen 2008). When conducting this test on a mixed effect model 
there is uncertainty in calculating the number of denominator degrees of freedom (Bates 
2006; Baayen et al. 2008). To overcome this, these were set to the number of observations 
minus the number of fixed-effects coefficients. This produces anti-conservative p values 
for small data sets, but here (n = 742) provides a good indication of significance (Baayen 
et al. 2008).  
2.4.2. Plot scale 
I obtained a more detailed picture of the effects of H. lepidulum on community structure 
and composition by investigating the relationships between plot richness, diversity and 
evenness and H. lepidulum density and cover in 2009. For each response variable (2009 
plot richness, evenness and diversity) I fitted two hierarchical linear regression models: 
one with H. lepidulum density and the other with H. lepidulum cover as fixed effects, 
including block as a random effect to account for plots being nested within blocks.  The 
influence of habitat on these relationships was then tested by fitting a second set of six 
regressions, this time including habitat and its interactions with H. lepidulum density and 
cover as additional fixed effects. To test coefficient estimates for significance, I used 
Markov Chain Monte Carlo sampling with 10,000 iterations to generate posterior 
distributions using the package languageR  (Baayen 2008). Multiple tests of significance 
inflate the risk of type I errors, to account for this I applied a Holm-BonFerroni correction. 
Finally, competitive interactions are expected to be stronger within functionally similar 
sets of species (Ortega and Pearson 2005). To test this, I related H. lepidulum  density  and 
cover in 2009 to the richness, diversity and evenness of species in each of 10 functional 
groups (basal herb, clumped herb, creeping herb, shrub, erect leafy, grass, mat/cushion 
prostrate shrub, tussock and ‘other’) based on morphological and life history 
characteristics (Cornelissen et al. 2003), and informed by field observations. Of these, the 
basal herb, creeping herb and erect leafy groups are expected to have stronger competitive 
interactions with the functionally similar H. lepidulum.  
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2.4.3. Cell scale 
To test whether stronger competitive interactions led to greater impacts at fine spatial 
scales, I repeated the plot scale analyses at the cell scale. Models were the same as those 
fitted at the plot scale, but with plot nested within block as random effects to account for 
cells being nested within plots within blocks. Response variables were cell richness, 
diversity and evenness. Fixed effects were cell H. lepidulum density and cover; then cell 
H. lepidulum density and cover, habitat and their interaction. Coefficient estimates were 
tested for significance using MCMC sampling. Analyses were again conducted with the 
data partitioned by functional group. Holm-BonFerroni corrections were applied. 
3. Results 
3.1. Hieracium lepidulum 
Peak H. lepidulum densities occurred in December 2003, in the summer immediately 
following sowing, when plots contained from 0 to 4435 individuals. Average densities then 
declined until around 2007, where they appeared to stabilise (Fig. 9). The seed addition 
treatments created a gradient of H. lepidulum density across the plots, which was 
maintained for the duration of the study (Figs. 9 & 10). In 2009, the density and cover of 
H. lepidulum in plots were reasonably well correlated (Pearson’s product moment 
correlation = 0.52, p < 0.01) and a there was a similar H. lepidulum cover gradient (Fig. 
10). Density ranged from 0 to 383 individuals per plot, with an overall mean of 12.65 ± 1.5 
in all treatment plots and 0.34 ± 0.19 in all control plots (Table 1). Percent cover of the 
invader ranged from 0 to 52% with an overall mean of 1.89 ± 0.017% in treatment plots 
and 0.09 ± 0.04% in control plots.  
3.2. Longitudinal analysis 
Fitting a hierarchical regression model with time, habitat and their interaction as fixed 
effects, plot species richness increased with time in all habitats, but particularly in those 
above treeline (Fig. 11). Two models incorporating the influence of H. lepidulum were 
considered; the first, with time, 2009 H. lepidulum density, their interaction, habitat and 
covariates (AIC = 11316) was selected over the second, which had an additional 
interaction term between H. lepidulum density and habitat (AIC = 11320). The selected 
model indicated an overall mean increase of 0.2 species per plot per year over the duration 
of the study (Table 2). Furthermore, there was a highly significant H. lepidulum density by 
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time interaction. This was also positive, implying that plots with more H. lepidulum 
showed a greater increase in species richness through time, the opposite of what we would 
expect if invasion by H. lepidulum resulted in competitive exclusion. Plots above treeline 
had significantly more species than those below (Table 2, see also Fig. 11). Lower 
elevation plots and those with higher available light had more species on average, but other 
potential covariates were non-significant. 
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Figure 9 
Mean density (number of individuals per 30 x 30 cm plot and their 95% confidence 
intervals, 108 plots per treatment) of Hieracium lepidulum plants through time in plots 
sown at 2003 at five treatment seed sowing densities (controls not shown)  
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Figure 10  
Frequency histograms of Hieracium lepidulum density (number of individuals per 30 x 30 
cm plot) and percent cover (total foliar cover per plot) in 2009 across all seed addition and 
control plots. 
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Table 1 
Mean (± s.e) species richness, diversity, evenness, and Hieracium lepidulum density and % 
foliar cover per 30 x 30 cm plot for each of six habitat types in 2009. Table 1 
Treatment plots had five densities (25, 125, 625, 3125 and 15625 seeds/plot) of H. 
lepidulum seeds added in 2003 (n = 532), control plots had no seed added (n = 215). 
Treatment plots 
Habitat Richness Diversity Evenness H. lepidulum  
density 
H. lepidulum 
cover 
Forest Creek 4.34 ±   0.44 1.08  ±  0.09 0.66  ±  0.04 5.77   ±  1.26 1.83  ±  0.37 
Forest 1.41 ±   0.09 0.39  ±  0.04 0.51  ±  0.05 0.18   ±  0.14 0.03  ±  0.04 
Forest Gap 2.60 ±   0.17 0.78  ±  0.05 0.69  ±  0.04 1.99   ±  0.65 1.45  ±  0.51 
Alpine Creek 11.31 ± 0.45 2.20  ±  0.05 0.86  ±  0.01 33.08 ±  6.56 2.04  ±  0.39 
Scrub 4.65 ±   0.24 1.34  ±  0.05 0.80  ±  0.01 10.09 ±  2.32 3.99  ±  0.77 
Tussock 7.70 ±   0.42 1.78  ±  0.06 0.83  ±  0.01 24.73 ±  4.85 1.96  ±  0.34 
Overall 5.34 ±   0.17 1.27  ±  0.03 0.72  ± 0.01 12.65 ± 1.50 1.39  ±  0.17 
 
 
 
 
 
 
 
 
Control plots 
Habitat Richness Diversity Evenness H. lepidulum  
density 
H. lepidulum 
cover 
Forest Creek 4.23  ±  0.64 1.11  ±  0.09 0.67  ±  0.06 1.31  ±   1.1 0.36  ±  0.19 
Forest 1.47  ±  0.13 0.38  ±  0.04 0.54  ±  0.08 0 0 
Forest Gap 3.22  ±  0.29 0.92  ±  0.05 0.62  ±  0.07 0 0 
Alpine Creek 12.16±  0.78 2.25  ±  0.05 0.85  ±  0.01 0 0 
Scrub 5.11  ±  0.41 1.49  ±  0.05 0.73  ±  0.04 0.44  ±  0.18 0.14  ±  0.08 
Tussock 7.50  ±  0.67 1.73  ±  0.06 0.86  ±  0.01 0.31  ±  0.18 0.03  ±  0.02 
Overall 5.26  ±  0.31 1.25  ±  0.06 0.71  ±  0.02 0.24  ±  0.19 0.09  ±  0.04 
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Figure 11 
Change in mean species richness per 30 x 30cm plot (circles with 95% confidence 
intervals, n = 742), overall and in habitats above (top) and below treeline (bottom). Lines 
show the best-fit from a hierarchical regression model with time (years since 2003), habitat 
and their interaction as fixed effects, and plots nested within blocks as random effects.  
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Table 2 
Coefficient estimates (± s.e.) for the longitudinal hierarchical regression model describing 
change in plot species richness (n = 742). Habitat coefficients are all relative to the 
reference habitat Forest creek. Also shown are F values and associated p values. 
  
  Estimate s.e. F p 
(Intercept)  -3.988 8.801   
Time  0.208 0.012 412.164 0.000 
2009 H. lepidulum Density  -0.005 0.002 0.003 0.957 
Year : 2009 H. lepidulum Density  0.002 0.000 31.935 0.000 
Habitat    10.636 0.000 
 
Forest Creek 0 -   
 
Forest -1.571 1.986   
 
Forest Gap -0.119 2.168   
 
Subalpine 
Creek 
13.049 4.621   
 
Scrub 9.346 4.400   
 
Tussock 9.562 4.040   
Altitude  -0.024 0.009 5.937 0.015 
Aspect  0.015 0.013 2.301 0.129 
Light (%PPFD)  0.017 0.005 10.338 0.001 
Soil: Moisture  0.003 0.036 0.042 0.839 
         Depth  0.012 0.009 1.575 0.210 
         pH  0.229 1.912 0.327 0.568 
         Carbon  0.039 0.797 0.467 0.494 
         Nitrogen  -2.347 12.496 0.045 0.831 
         Phosphorous  -0.045 0.142 0.108 0.742 
         Potassium  0.444 0.891 0.220 0.639 
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3.3. Plot scale 
Overall plot species richness was positively related with H. lepidulum density and cover in 
2009 (Fig. 12). While these relationships were not significant, they are the opposite of 
what we would expect if H. lepidulum were outcompeting native species for limited 
resources. When habitat and its interaction with 2009 H. lepidulum density and cover were 
added to these models as additional fixed effects, to allow for different trends in each 
habitat, relationships with H. lepidulum density and cover were mostly non-significant and 
weakly positive (Fig. 13); similar to those found at the cell scale (below). The only 
significant relationship was in the forest creek habitat, where mean plant species diversity 
was greater in plots with higher H. lepidulum cover. 
3.4. Cell scale 
Overall the relationship between species richness and H. lepidulum density was positive at 
the cell scale (Fig. 14), and the relationship with cover of the invader was significantly 
positive (Figs. 14 & 15). Mean species evenness was also significantly greater overall in 
plots with higher H. lepidulum densities. In models allowing for impacts to vary by 
habitat, most relationships were non-significant, although evenness was significantly 
greater in plots with higher H. lepidulum cover in the tussock habitat. 
3.5. Functional groups 
Relationships between community attributes and H. lepidulum density and cover were 
mostly weak and non-significant when the data were partitioned by functional group at the 
plot scale (Fig. 16). However, species belonging to the clumped herb group had a 
significantly less even distribution of abundances in plots where H. lepidulum cover was 
lower. That is, one or more clumped herb species were disproportionately more abundant 
in plots with lower H. lepidulum cover. 
At the cell scale, functional group diversity and evenness also showed non-significant 
relationships with H. lepidulum (Fig. 17). By contrast, functional group richness showed 
multiple small, but significant, interactions with H. lepidulum density and cover at the cell 
scale. Competitive effects are hypothesised to be strongest at the cell scale, so this contrast 
may be expected, although cover of the invader was significantly positively associated 
with basal herb, creeping herb and grass functional group richness. There were significant 
negative associations with tussock and shrub functional group richness.  
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Figure 12 
Hierarchical regression models of species richness, with 2009 Hieracium lepidulum 
density  and cover as the fixed effects at the 30 x 30 cm plot scale (n = 747). Data points 
have been jittered for clarity. Note the log scales on the x axes. 
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Figure 13 
Coefficient estimates for hierarchical regression models of plant community richness, 
diversity and evenness in response to Hieracium lepidulum density and cover, overall and 
by habitat at the plot (30 x 30 cm) scale (n = 742). Significant results (p < 0.05 after Holm-
Bonferroni correction) indicated in bold with solid circles.  
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Figure 14 
Hierarchical regression models of species richness, with 2009 Hieracium lepidulum 
density  and cover as the fixed effects at the 5 x 5 cm cell scale (n = 26,892). Data points 
have been jittered for clarity. Note the log scales on the x axes. 
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Figure 15 
Coefficient estimates for hierarchical regression models of plant community richness, 
diversity and evenness in response to Hieracium lepidulum density and cover, overall and 
by habitat at the cell (5 x 5 cm) scale (n = 26,892). Significant results (p < 0.05 after 
Holm-Bonferroni correction) indicated in bold with solid circles.  
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Figure 16 
Coefficient estimates for hierarchical regression models of plant community richness, 
diversity and evenness in response to Hieracium lepidulum density and cover at the plot 
(30 x 30 cm) scale (n = 747) and partitioned by functional group. Significant results (p < 
0.05 after Holm-Bonferroni correction) indicated in bold with solid circles. 
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Figure 17 
Coefficient estimates for hierarchical regression models of plant community richness, 
diversity and evenness in response to Hieracium lepidulum density and cover at the cell (5 
x 5 cm) scale (n = 26,892) and partitioned by functional group. Significant results (p < 
0.05 after Holm-Bonferroni correction) indicated in bold with solid circles.  
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4. Discussion 
It appears H. lepidulum has not had any significant impacts on the resident plant 
community, even after six years across a wide range of invader densities. Instead, it seems 
to have slotted into the community where it co-exists as an additional member. Plot species 
richness increased over the six years of our study, and this increase was significantly 
greater in plots with higher H. lepidulum densities. Furthermore, in 2009 plant community 
richness, evenness and diversity showed no significant declines at the plot or cell scales in 
response to H. lepidulum density or cover. 
The idea that invaders may often be accepted into the resident community without 
discernable impact is not new (Williamson and Fitter 1996), but has seen a recent revival 
of interest with the biotic acceptance theory of Stohlgren et al. (2006) and support from 
studies such as Mills et al. (2009). Grice (2006), in a review of invasive weed impacts in 
Australia, also suggested that a few high profile invasive species with clear impacts 
dominate research, while the majority may well have negligible effects on invaded 
communities. However, the coarser spatial scales at which these studies have been 
conducted may mean such results reflect covariation in alien and native plant richness 
across environmental suitability gradients, rather than the outcomes of interaction between 
the invader and resident community. My results showed a positive relationship between 
invader abundance and native richness, indicating no impact, even at a scale of 5cm x 5cm.  
At such a fine spatial scale we certainly expect to see the outcomes of any interspecies 
interactions. 
The observed lack of impacts on native plant richness, diversity and evenness is surprising 
given concerns over the species. How has H. lepidulum entered the system without 
discernable impact? H. lepidulum appears not to be competitively superior to native 
species (Radford et al. 2006); it is smaller statured than community dominants in all 
habitats, and observations over six years indicate that it does not grow more rapidly than 
native species. This suggests two mechanisms by which it could establish without impact. 
First, these communities may be following a succession trajectory and not be saturated. If 
so, opportunities exist for additional species to enter, especially in plots where the 
environment is conducive to growth due to unutilised resources such as moisture, nutrients 
or light. Species richness would increase most in plots with conditions conducive to plant 
growth, and it might be expected that H. lepidulum would also perform better in those 
plots, persisting preferentially due to the same favourable conditions. Conversely, after 
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initial establishment at high densities due to propagule pressure, H. lepidulum numbers 
may then have dropped disproportionately in those plots with less favourable conditions. 
Second, its ability to invade may be more a reflection of its opportunistic nature: H. 
lepidulum may adventitiously colonise plots where turnover or a favourable disturbance 
regime intermittently frees up sites and resources.  
Evidence for the former explanation can be found in the analyses of functional groups. 
Due to increased competition between similar life forms, I expected groups functionally 
similar to H. lepidulum, such as basal herb, creeping herb and erect leafy, to be 
disproportionately impacted. Contrary to this, they have positive parameter estimates, 
suggesting some plots are favourable sites for both these groups and H. lepidulum. 
Evidence for the latter can be found in chapter two of this thesis. 
Hieracium lepidulum may not have been able to enter all plots with equal ease. Significant 
negative parameter estimates were obtained for clumped herb, mat/cushion, shrub, and 
tussock groups. The shrub and tussock groups contain robust, comparatively large-statured 
species. The negative parameter estimates for these groups suggest they resist invasion. 
The clumped herb group consists primarily of vegetatively spreading Celmisia species, 
which form dense clumps of vegetation. In the case of the mat/cushion group, the dense 
ground cover exhibited by these species may well restrict the availability of sites suitable 
for H. lepidulum to establish 
Nevertheless, previous studies have reported apparent impacts; H. lepidulum forms dense 
mats to the exclusion of native species in some localities (Rose and Frampton 1999), and 
other members of the Hieracium genus appear to impact montane plant communities 
(Scott et al. 1990). These results are not mutually exclusive with those presented here. It is 
possible that under certain conditions H. lepidulum may reach higher densities/cover than I 
was able to experimentally establish, and may have localised impacts at sites where this 
occurs. However, given the randomised block design I used incorporating the major habitat 
types found in the area, my results should describe the average impact of H. lepidulum 
across these communities. 
My results show that after six years, invasion by H. lepidulum has no discernable negative 
impacts on key plant community attributes across habitats, spatial scales and functional 
groups.  The unexpected nature of this result highlights the need for rigorous quantitative 
assessment of invader impacts. As mechanism influences both the type and spatial scale of 
impact, it needs to be considered when planning research to ensure the appropriate 
attributes of the native community are measured at the appropriate scales. The lag time 
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between invasion and impact means that studies must also be conducted over appropriate 
temporal scales. To better understand the frequency and magnitude of invader impacts we 
need to investigate the impacts of a representative range of invasions, rather than only 
those where impacts are clearest. Experimental introductions represent a valuable and 
under-utilised tool for assessing the impacts of invasive plants. Further studies of this 
nature are required if we are to formulate a general understanding of the interactions 
between invader, invaded community and impact. 
 
 
 
63 
 
Chapter 4: General discussion 
The aim of this thesis was to investigate factors allowing Hieracium lepidulum to 
successfully invade montane forest, mixed subalpine tussock grasslands and herbfields in 
the Craigieburn Catchment, Craigieburn Forest Park, New Zealand; and to determine the 
nature and magnitude of any impacts this invasion has had on native plant communities. 
Hieracium lepidulum seeds were added to plots at different densities, and the fate of the 
invader and native community tracked over six years. Measurements were made at two 
spatial scales; this feature, in combination with the long term, experimental approach, 
makes this one of the most thorough investigations of plant invasion and subsequent 
impact made to date. 
1. Key results and implications 
Above treeline, plots with higher turnover and species richness were more invaded. It 
seems H. lepidulum may act in a similar way to existing community members, and hitch a 
ride on the ‘carousel’ of species turnover (VanderMaarel and Sykes 1993). Below treeline, 
invasion success was primarily controlled by light availability and propagule pressure. 
Increased light availability was associated with disturbance in the form of treefall gaps and 
along stream margins. This increased light can be interpreted as a long term resource pulse, 
thus providing support for the nutrient enrichment hypothesis (Davis et al. 2000; Davis and 
Pelsor 2001). 
Propagule supply was central in determining invasion success; the variables discussed 
above were only significant at higher propagule pressures. Thus it appears that above a 
certain threshold propagule supply, H. lepidulum could overcome stochastic effects to 
preferentially invade plots with higher turnover (above treeline), disturbance meditated 
resource pulses (below treeline) and higher richness.   
Results did not support the diversity resistance hypothesis, but instead showed the opposite 
of what it predicts - six years after introduction, sites with higher initial species richness 
had higher densities of H. lepidulum. These sites were also the most resource rich. While 
previous studies have both supported (e.g. Tilman 1997; Levine 2000; Kennedy et al. 
2002) and contradicted (e.g. PlantyTabacchi et al. 1996; Lonsdale 1999; Sax 2002)the 
diversity resistance hypothesis, the latter have generally been coarse scale, observational 
studies. This study was experimental and conducted at a relatively fine spatial scale, and as 
such this result contrary to the hypothesis represents a significant finding. 
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Despite H. lepidulum successfully invading and establishing at a wide range of densities, I 
found no evidence of impacts on the native plant community. Species richness increased 
over the duration of the study, significantly more so in plots with higher H. lepidulum 
densities. Furthermore, H. lepidulum density and cover had positive relationships with 
species richness, even at the cell scale where competitive effects are most likely to result in 
impacts. Evenness and diversity mostly showed non-significant relationships with the 
invader, and there were few differences between habitats.  
How can this ability to successfully invade, without discernable impact be explained? It 
seems that H. lepidulum has joined the community as an extra member, adventitiously 
colonising sites with temporarily elevated resource availability, rather than by 
outcompeting native species. Utilising the framework for understanding the interplay 
between invasion and impact developed by  MacDougall et al. (2009), building on the 
ideas of Chesson (2000), we can visualise H. lepidulum as having a niche difference rather 
than a fitness difference with the native community. In this framework, niche differences 
offer an advantage only when a species is rare, resulting in negative feedback loops which 
promote coexistence - for example a taller species will receive more light than its 
neighbours, but this advantage will lessen as it becomes more common and in effect 
competes with itself; on the other hand fitness differences confer an advantage regardless 
of rarity, and therefore promote dominance – for example greater fecundity  will always 
benefit a species, or a species which promotes and tolerates  fire will experience increasing 
advantage over fire sensitive species as its numbers increase. Either a niche or a fitness 
difference is sufficient for an invader to establish, but a fitness difference is required for 
the invader to become dominant and impact the resident community. I suggest the niche 
difference in this system may be the ability to colonise recently disturbed sites more 
rapidly than native species - as H. lepidulum density increases in these sites, the advantage 
diminishes and becomes self limiting. Conversely it seems H. lepidulum has no 
competitive advantage that persists at high invader densities, and thus is unable to become 
dominant and negatively impact the native community. 
2. Further research and recommendations 
While H. lepidulum has successfully invaded the study area it has had no discernable 
negative impacts on key plant community attributes. Despite this, the possibility remains 
that particular ruderal native species with similar strategies may be impacted by H. 
lepidulum invasion.  Furthermore, there is no doubt that H. lepidulum alters the qualitative 
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nature of invaded habitats, and when flowering can have a considerable visual impact, 
which may be of concern in conservation areas valued for their aesthetic as well as 
ecological values. As such, further research into impacts on potentially vulnerable native 
species along with management strategies may be warranted. Controls on human activity 
to limit disturbance and propagule supply may benefit any management programme 
These results show that to better understand invasion success and invader impacts we need 
to study a representative range of invasions rather than only those where invasion and 
impact are clearest. Future studies need to account for invader identity, community 
composition, abiotic conditions, and propagule pressure; and be conducted at appropriate 
spatial and temporal scales. Furthermore, the complex nature of invasions means several 
factors may be important in explaining the success and impacts of a particular invader. 
Experimental introductions represent a valuable and under-utilised tool for such studies, 
providing opportunities for rigorous, quantitative investigations of plant invasions. 
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